Multidimensional compound-specific stable isotope analysis (CSIA) was applied in combination with RNA-based molecular tools to characterize methyl tertiary (tert-) butyl ether (MTBE) degradation mechanisms occurring in biofilms in an aerated treatment pond used for remediation of MTBE-contaminated groundwater. The main pathway for MTBE oxidation was elucidated by linking the low-level stable isotope fractionation (mean carbon isotopic enrichment factor [ C ] of ؊0.37‰ ؎ 0.05‰ and no significant hydrogen isotopic enrichment factor [ H ]) observed in microcosm experiments to expression of the ethB gene encoding a cytochrome P450 monooxygenase able to catalyze the oxidation of MTBE in biofilm samples both from the microcosms and directly from the ponds. 16S rRNA-specific primers revealed the presence of a sequence 100% identical to that of Methylibium petroleiphilum PM1, a well-characterized MTBE degrader. However, neither expression of the mdpA genes encoding the alkane hydroxylase-like enzyme responsible for MTBE oxidation in this strain nor the related MTBE isotope fractionation pattern produced by PM1 could be detected, suggesting that this enzyme was not active in this system. Additionally, observed low inverse fractionation of carbon ( C of ؉0.11‰ ؎ 0.03‰) and low fractionation of hydrogen ( H of ؊5‰ ؎ 1‰) in laboratory experiments simulating MTBE stripping from an open surface water body suggest that the application of CSIA in field investigations to detect biodegradation may lead to false-negative results when volatilization effects coincide with the activity of low-fractionating enzymes. As shown in this study, complementary examination of expression of specific catabolic genes can be used as additional direct evidence for microbial degradation activity and may overcome this problem.
Due to its physicochemical characteristics (high water solubility, low Henry's law constant, and poor adsorption), the gasoline octane enhancer methyl tertiary (tert-) butyl ether (MTBE) is a particularly challenging compound to use to evaluate the effectiveness of groundwater remediation systems (51) . In general, MTBE is more difficult and more expensive to remediate by conventional technologies (aeration, adsorption on activated carbon, ozonation, and advanced oxidation processes) than other typical fuel compounds such as benzene, toluene, ethylbenzene, and xylene (BTEX) isomers (52) .
An alternative remedial strategy could be the use of natural treatment systems, including constructed wetlands, ponds, or lagoons originally designed for processing municipal wastewater, which are becoming more popular in recent years for treating a wide variety of pollution sources, including industrial effluents, due to their lower costs and minimal maintenance (24) . However, little information is publicly available regarding the removal of specific trace organics (53) or, in particular, petroleum-derived volatile organic contaminants in these systems (4) . In a recently published study, MTBE was not degraded in a pilot-scale constructed wetland with subsurface aeration lines operated for the remediation of polluted groundwater from a former refinery site, although aromatic hydrocarbons were effectively removed (4) . However, MTBE biodegradation can occur but has been shown to be comparably slower than that of BTEX compounds in contaminated aquifers (43) . MTBE biodegradation has also been demonstrated in laboratory studies under a variety of redox conditions, where the highest MTBE degradation rates were observed under aerobic conditions (45) . It has thus been suggested that biodegradation of MTBE in the field is often limited by the environmental conditions (12, 37) and, in particular, by the limited concentrations of oxygen typically found in fuel-contaminated aquifers. As a consequence of these findings, in situ bioremediation of MTBE has been successfully enhanced by addition of air, pure oxygen (biostimulation), or previously enriched MTBE-degrading microorganisms (bioaugmentation) (49) .
Reliable methods for detecting in situ MTBE biodegrada-tion are crucial for evaluating remediation technologies based on the activities of MTBE-degrading microorganisms. Some of these MTBE-contaminated sites have been characterized recently by compound-specific stable isotope analysis (CSIA) (19, 22, 26, 27, 32, 34, 57) . This tool allows for a qualitative and/or quantitative integrative assessment of biological transformation of organic contaminants over a flow path in environmental systems (36, 46) , thanks to the reaction-dependent compound-specific isotope enrichment factors (ε) obtained under different controlled laboratory conditions employing a modified form of the Rayleigh distillation equation. Due to the significantly different fractionation patterns observed for diverse reaction mechanisms and processes, the MTBE isotopic analysis can be used for (i) discriminating between aerobic and anaerobic biodegradation pathways (14, 26, 50, 57) , (ii) understanding the details of the initial reaction mechanisms (oxidation, acidic hydrolysis [S N 1], or hydrolysis by [enzymatic] nucleophilic attack [S N 2]) (10, 11) , (iii) distinguishing degradation mechanisms among different aerobic cultures (33, 41) , or even (iv) quantifying the extent of biodegradation when two competing degradation pathways or species are consuming the MTBE simultaneously (3, 42, 55) . However, CSIA application at field scale must also account for some uncertainty related to potential fractionation caused by abiotic processes. Although MTBE adsorption on humic substances and the related isotopic effect can be considered negligible (23) , other processes, such as diffusion or volatilization, can produce small but measurable normal or inverse isotopic effects (19, 25) . This fact becomes even more crucial when considering the diversity of fractionation already found among aerobic MTBE degraders, which possibly correlate with the employment of different MTBE-attacking enzymes (see the following explanation). In the aerobic degradation pathway, the methyl group of the ether is initially hydroxylated in a monooxygenase-catalyzed reaction. High fractionation of carbon and hydrogen was observed for Methylibium sp. (strains PM1 and R8), with ε C and ε H ranging from Ϫ2.0‰ to Ϫ2.4‰ and from Ϫ33‰ to Ϫ40‰, respectively, while even higher hydrogen fractionation (ε H ϭ Ϫ100‰) for the recently studied Pseudonocardia tetrahydrofuranoxydans K1 has been found, whereas much lower carbon fractionation (ε C below Ϫ0.5‰) and nondetectable hydrogen fractionation was observed for Aquincola tertiaricarbonis L108 or Rhodococcus ruber IFP 2001 (14, 33, 41) . This phenomenon might be linked to nonfractionating but ratelimiting steps (e.g., binding of the substrate to the enzyme [30] ) masking the carbon and hydrogen isotope fractionation linked to the cleavage of the C-H bond during MTBE oxidation. In the two above-mentioned low fractionating strains, the initial monooxygenase reaction attacking the methyl group of MTBE is catalyzed by a cytochrome P450-type enzyme (CYP249A1) that is encoded by the ethABCD genes, which are also found to be highly conserved in other strains able to grow on the MTBE-related ethyl tert-butyl ether (ETBE) (5, 7, 8, 29) . In addition, an alternative and novel enzyme, MdpA, which is closely related to the group of short-chain hydrolyzing alkane hydroxylases (AH1), has been recently discovered to be the only enzyme responsible for MTBE removal in Methylibium petroleiphilum PM1 (44) . In addition to CSIA, molecular tools can also be useful to assess in situ biodegradation of various contaminants (6) . The first molecular tools developed to monitor MTBE biodegradation were specific primers and probes designed to PCR amplify partial 16S rRNA gene sequences of this strain (18) . When applied to samples from contaminated field sites, these primers could detect native bacterial strains with Ն99% 16S rRNA gene sequence similarity to strain PM1 (17, 49) . However, the mere presence of a potential degrader cannot be directly connected to its active participation in the initial MTBE degradation step. On the contrary, the expression of catabolic genes encoding key enzymes of degradation pathways can reveal information on the activity of microorganisms under in situ conditions (6) . In light of this situation, multidimensional CSIA might be applied in conjunction with molecular tools in order to identify the activities of MTBE-degrading species in contaminated field sites and provide more reliable assessments of bioremediation effectiveness (3, 32) .
In this study, our testing site was an aerated treatment pond system for contaminated groundwater remediation next to a refinery plant in Leuna, Germany. Lower-level removal of MTBE (on average, 38%) versus benzene (99.9%) was observed during the first 14 months of operation (20) . MTBE concentration reductions from 4 to 2.5 mg/liter were not sufficient to reach drinking water quality standards (54) , and half of the elimination was related to volatilization during the summer of 2008. In addition to field observations, an increasing aerobic biodegradation of MTBE was detected in microcosm experiments, using coconut fiber samples as substrates for biofilms (20) . Therefore, increased aeration was thought to enhance MTBE biodegradation in the system, and it was applied in May 2009.
In the present study, we summarize the field data obtained after more than 2 years of continuous operation and compare the removal of MTBE at three different aeration periods. Our aims were to prove MTBE biodegradation in the field, to elucidate the dominant biodegradation mechanism, and to link it to the expression of catabolic genes encoding key enzymes involved in the aerobic MTBE degradation pathway. This goal was achieved by comparing the MTBE carbon and hydrogen isotope enrichment factors obtained in microcosm experiments with the MTBE isotopic compositions observed in the field and by comparing the detection of expressed catabolic genes in both the field and microcosms. For that purpose, biofilms established in the pond system were sampled in October 2009 after almost 5 months of maximum aeration and 2 years of continuous operation. In addition, the potential isotopic effects of the volatilization processes taking place in such an open pond were tested in laboratory experiments in an attempt to better simulate field conditions (bubbling from aqueous solution) in comparison with those shown by previous studies performed in closed systems or sediment columns (19, 25) . In summary, a combination of CSIA and RNA-based molecular methods was used in this study to evaluate the removal of MTBE from a complex treatment system.
MATERIALS AND METHODS
Site description and different setups in the aerated treatment pond. The aerated treatment pond system next to a refinery plant in Leuna, Germany, was designed to simulate natural transition zones where contaminated groundwater is aerated with ambient air to stimulate aerobic contaminant degradation, and geotextiles provide surface area for biofilm formation and retention of biomass VOL. 77, 2011 ethB GENE EXPRESSION AS PROOF OF MTBE BIODEGRADATION 1087
(for a more detailed description, see reference 20) . Two different geotextile materials were tested in two parallel basins, coconut fiber textiles (CO) and polypropylene fleece (PO). The minimum oxygen content along the ponds can be regulated by aeration modules based on the feedback from oxygen sensors. Three different aeration periods had been set up in the system in order to compare and characterize the degradation of the target pollutants ammonium, MTBE, and benzene. Period A1 started in November 2007, and minimum dissolved oxygen concentrations in both ponds were constantly set to a gradient of 0 mg/liter in the inflow section, 0.5 mg/liter in the middle section, and 1 mg/liter in the outflow section to stimulate aerobic degradation processes and at the same time to minimize the loss of contaminants by volatilization and energy costs (20) . For period A2, from 18 May 2009 (after 18 months of operation), the aeration was increased in order to reach oxygen saturation levels. For period A3, from 15 October 2009 (after 23 months of operation), the aeration in the PO-amended pond was set back to the adjustment described in period A1. Averages of maximum dissolved oxygen concentrations (measured in the outflow section) and residual MTBE percentages in both basins from more than 2 years of continuous operation (from November 2007 until February 2010) were measured.
Volatilization experiments. Carbon and hydrogen enrichment factors for volatilization of MTBE from water were determined by a bench-scale experiment. Two 2-liter Duran bottles (Schott AG, Mainz, Germany) were filled with distilled water and MTBE to a final concentration of around 40 g/liter. This maximum dissolved MTBE concentration (close to saturation, as its solubility in water is 44 g/liter at 25°C [13] ) was selected with the aim of having a maximal concentration difference within the isotope analysis samples. The bottles were closed with Teflon screw caps and stirred with magnetic stir bars for 2 days at room temperature in order to reach equilibrium and ensure complete dissolution. Subsequently, the bottles were opened, and nitrogen gas was bubbled from the bottoms of the bottles at a constant rate of 500 to 800 ml/min while being stirred at 250 rpm to homogenize the MTBE composition in the liquid volume. MTBE concentration samples were taken in duplicate in regular intervals until complete volatilization. To fit into the linear range of the respective analytical methods (up to 1 g/liter), the samples with expected higher MTBE concentrations were diluted in saturated NaCl aqueous solution to a final volume of 2 ml in 10-or 20-ml vials for concentration or isotopic composition measurements, respectively.
Biodegradation experiments. The degradation behavior of freshly sampled textile samples was regularly examined in laboratory microcosm experiments in order to evaluate the capability of the developed biofilms to degrade MTBE in the system. Additionally, the isotope enrichment factors and the consumption of oxygen by the MTBE degraders in the biofilms were evaluated. For that purpose, textile samples with attached biofilms were sampled on 5 October 2009 at 120 cm depth and 150 cm distance from the inflow. Samples were transported to the laboratory in 50-ml centrifugation tubes at 4°C for analysis.
The next day, the samples were cultivated in 240-ml serum bottles equipped with oxygen sensor spots and filled with 60 ml phosphate-buffered mineral medium slightly modified from that described in reference 40 (see the details in the supplemental material). Around 0.9 to 1.0 g of CO and 0.5 to 0.7 g of PO (wet weight) was added in duplicate bottles and one control bottle. The average humidity levels of the CO (45% Ϯ 6%) and PO (69% Ϯ 1%) were determined separately by drying triplicate textile samples at 60°C until a constant weight was reached. All bottles were supplemented with 30 l MTBE (around 400 mg/liter, final concentration) and closed immediately with butyl rubber stoppers and aluminum caps. Control bottles with textiles were autoclaved (121°C, 20 min) before adding vitamins and MTBE, and a single control bottle was prepared with medium but without textiles. Three bottles were monitored for MTBE concentrations, and the last one was monitored for MTBE isotopic composition and oxygen measurements to evaluate abiotic losses. In order to mimic oxic conditions in the field (A2 period) ( Fig. 1) , high dissolved oxygen concentrations were maintained in the cultures (minimum of 4.7 mg/liter) by respiking sterile air or pure oxygen accordingly (Fig. 2 , concentration plots). All the bottles were incubated at room temperature (daily observed average was 23°C Ϯ 1°C, consistent with maximum water temperatures of 22.5°C found in the field) on a horizontal shaker (165 rpm). Samples for MTBE concentration, isotope composition, and pH were taken periodically as described elsewhere (42) until MTBE was completely degraded.
After complete degradation of MTBE and the main degradation products, the bottles were opened for 10 min under the sterile bench to renew the oxygen in the headspace, refilled with mineral salt medium and vitamins, and respiked with 30 l MTBE. Once 50% of MTBE degradation was reached, the textile was taken out for RNA extraction. In parallel, textile samples representative of oxic conditions (end of A2 period) were collected in the pond system at the same location (depth, 120 cm; distance from inflow, 150 cm) where the textiles used in the microcosm experiments were sampled, and additional textiles were collected at a distance of 420 cm from the inflow. All textile samples were immediately deep-frozen in 50-ml centrifugation tubes with a dry ice/ethanol mixture and stored at Ϫ80°C until further processing.
Extraction of nucleic acids, RNA quantification, and cDNA synthesis. Reference cultures of A. tertiaricarbonis L108 and M. petroleiphilum PM1 were used as controls for testing PCR primers and were cultivated using MTBE as a carbon and energy source as previously described (42) , whereas purified DNA from Rhodococcus ruber IFP 2001 and Methylibium sp. strain R8 was available in our laboratory. A total of 10 ml of bacterial culture from the growth phase, with an optical density at 700 nm (OD 700 ) of approximately 0.08 to 0.09 (for strain L108, that meant 0.5 mg dry mass [38] ), was filtered using polyethersulfone filters with a 0.2-m pore size (Pall Corporation). The cells were washed off the filter with 2 ml of RNA-Protection reagent (Qiagen GmbH, Hilden, Germany). The cell suspension was centrifuged for 10 min at 5,900 ϫ g, and the pellet was frozen at Ϫ20°C until further RNA extraction. Total RNA was extracted from 0.4 to 0.5 g of textile material and from approximately 10 9 cells from pure cultures (estimation through OD values) (42) by using the RNeasy minikit (Qiagen GmbH, Germany). Briefly, textile and cell pellets were resuspended in 700 l RLT buffer (Qiagen GmbH, Germany) containing 7 l of ␤-mercaptoethanol and transferred to a bead-beating tube. The samples were mechanically lysed using a FastPrep instrument (FastPrep FP120; Savant Instruments, Inc.) for 20 s at a speed of 6.0. The tubes were incubated on ice for 2 min and centrifuged for 1 min at 15,700 ϫ g. The supernatant was transferred to a new tube, and an equal volume of 70% ethanol was added. The mixture was transferred to an RNeasy column (Qiagen GmbH, Germany). The washing and elution steps were performed by following the manufacturer's instructions. An additional DNase treatment was performed after extraction using the DNA-free kit (Applied Biosystems Inc., Foster City, CA). In order to use an equal amount of total RNA for reverse transcription, quantification of the RNA was performed using RiboGreen as the fluorescent dye (Invitrogen GmbH, Darmstadt, Germany), according to the manufacturer's instructions. Reverse transcription was performed using 200 ng of total RNA and the RevertAid H Minus first-strand cDNA synthesis kit (Fermentas GmbH, St. Leon-Rot, Germany) with random hexamer primers by following the protocol provided by the manufacturer. For each sample, a control reaction without reverse transcriptase was performed in order to detect possible DNA contamination. Samples were stored at Ϫ20°C until further processing.
PCR and sequencing reaction. The primer sets shown in Table 1 were used to amplify genes encoding catabolic enzymes involved in MTBE degradation (ethB, ethR, and mdpA) from prepared cDNA samples and/or for sequencing of the obtained amplification products. Additionally, specific 16S rRNA primers devel-FIG. 1. Residual MTBE percentages (solid symbols) and maximum dissolved oxygen concentrations (open symbols) at the outflow section in the two parallel basins with CO (squares) and PO (triangles) materials along the three different aeration periods (A1, A2, and A3). The oxygen data and the MTBE residual data are given in monthly averages (Ϯ standard deviations [SD]) during the A1 period, as described previously (20) . The rest of MTBE sampling times (normally 2 to 3 times a month) are all represented. The biofilms for the studied microcosm experiments (M) and RNA extraction were sampled at the end of period A2 (5 October 2009). (Table 1) for 1 min, and 72°C for 1 min 30 s of extension, followed by a final elongation step of 20 min at 72°C. PCR product size was verified by gel electrophoresis on 1.2% agarose gels. PCR products were purified using the QIAquick PCR purification kit (Qiagen GmbH, Germany) and quantified spectrophotometrically using a NanoDrop apparatus (NanoDrop ND-1000; PeqLab Biotechnologie GmbH, Erlangen, Germany). Purified PCR products were sequenced using a 3130xl genetic analyzer and the BigDye Terminator v1.1 cycle sequencing kit (both from Applied Biosystems Inc., Foster City, CA). The obtained sequences were compared to those in public databases using the Basic Local Alignment Search Tool (BLAST) to identify closely related sequences (http://www.ncbi.nlm.nih.gov/blast/). MTBE isotope ratio measurements at the field site. Initially, water samples for MTBE isotopic analysis were taken in duplicate from the in-and outflow of both basins in 240-ml serum bottles prefilled with 70 g of NaCl, leaving a small headspace of around 5 ml. The bottles were closed with Teflon stoppers and aluminum caps for subsequent preheating at 60°C and manual headspace injection similar to the method described elsewhere (41) . However, after increasing the aeration in the pond system, the MTBE concentrations decreased to levels below the limits of detection for this methodology. Therefore, 1-liter bottles preserved with 1% (wt/wt) trisodium phosphate dodecahydrate (TSP; Na 3 PO 4 ⅐ 12H 2 O) or as recommended for MTBE analysis (35) were collected in the field for a purge and trap (P&T) preconcentration step. All bottles were stored at 4°C until measurement. In parallel, MTBE concentrations were measured by a headspace-gas chromatograph-mass spectrometer (HS-GC-MS) method. A detailed description of the different methodologies used is provided in the supplemental material.
Stable isotope calculations and definitions. Carbon and hydrogen isotopic compositions are reported as ␦ 
where R sample and R reference are the ratios of the heavy isotope to the light isotope (
C or D/H) in the sample and the international standard, respectively. A simplified Rayleigh equation for a closed system (31) was used to quantify the isotope fractionation,
where the isotopic enrichment factor (ε) describes the relationship between changes in isotope composition R t /R 0 ϭ (␦ t ϩ 1,000)/(␦ 0 ϩ 1,000) and the concentrations during the course of the experiment. When possible, two-dimensional CSIA (2D-CSIA) was applied to the data sets. To correct for differences in the initial isotopic composition (␦ 
For the ratio of two competing processes or degradation mechanisms, F (contribution of process 1 expressed as a percentage) has been calculated according to one of the extended Rayleigh-type equations suggested by Van Breukelen (55):
In equation 4, ε A is the apparent isotopic enrichment factor as a result of two occurring processes in which individual enrichment factors ε 1 and ε 2 were studied separately. Each sample was measured at least in triplicate, and all linear regression parameters, including the 95% confidence intervals (CI), were obtained by the function "Linear Fit" using errors (standard deviations of measured data sets or corresponding propagated errors in both axes) as weight in OriginPro 7.5.
RESULTS
MTBE removal in the treatment ponds at different dissolved oxygen concentrations. The average MTBE concentration in the inflowing groundwater was relatively constant (3.5 Ϯ 0.8 mg/liter) during the whole study period. As shown in Fig. 1 , the MTBE removal in the two aerated treatment ponds was strongly dependent on the oxygen dissolved in the water. During period A1, with maximum oxygen levels of around 1 mg/ liter, the residual MTBE in both effluents was on average around 60% of the inflow concentration, whereas during the FIG. 2. Aerobic MTBE biodegradation in replicate microcosm experiments, with biofilms collected on CO (a) and PO (b). High oxygen concentrations (similar to those in field conditions during period A2) were maintained by the addition of air or pure oxygen via the gas phase. MTBE (solid symbols), TBA (asterisks and crosses for first and second replicates, respectively), and dissolved oxygen (open symbols) concentrations in the liquid phase were expressed in mg/liter versus incubation time. Equilibrium between phases and constant dissolved oxygen concentration (8.2 Ϯ 0.6 mg/liter) was attained for the sterile control bottle (open stars). In both graphs, the circles correspond to the first replicate, and the triangles correspond to the second replicate.
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ethB GENE EXPRESSION AS PROOF OF MTBE BIODEGRADATION 1089 A2 period, subjected to increased aeration, the levels of oxygen in the water reached saturation levels (4 to 8 mg/liter depending on the water temperature, 11 to 22°C), and the MTBE removal rapidly reached maximums of 98% and 94% for the ponds equipped with CO and PO textiles, respectively. The corresponding lowest MTBE concentrations in the outflows were 56 and 140 g/liter, respectively. Maximum MTBE removal rates were around 7 g of MTBE per day (1.2 to 1.3 g/m 2 surface area/day) in both ponds. These rates are at least double the rates obtained in the first year of operation (20) . It should be pointed out that the CO textile-equipped pond showed a faster response to the increased oxygen concentrations caused by aeration than the PO textile-equipped pond, which reacted steadily. In period A3, keeping the same aeration conditions for CO textile-equipped ponds as in period A2, the dissolved oxygen increased accordingly during the low water temperatures registered during the winter (minimum, 2.5°C) without an apparent change in the observed MTBE removal. The aeration levels of the PO textile-equipped pond were changed back to the initial low levels, and the MTBE removal decreased after a certain period of time to values similar to those observed in period A1. The two main MTBE degradation products, tert-butyl formate (TBF) and tert-butyl alcohol (TBA), were already present in the inflowing groundwater (up to 6 and 100 g/liter, respectively). TBF concentrations in the outflow were always lower (if detected) than those in the inflow. Fluctuations in the TBA residual fraction in the outflow of both ponds (see Fig. S3 in the supplemental material) showed periods of formation between others of reduction during period A1. This tendency seems to be connected with seasonal low-and high-registered water temperatures, respectively. However, once the aeration was increased, the TBA was removed to an extent similar to that of the MTBE (98%, minimum concentrations of Ͻ2 g/ liter), and no significant changes were detected when the temperatures decreased in winter (only in the CO textile-equipped pond in period A3).
Biodegradation and related isotope enrichment factors in microcosm experiments. Rapid and highly reproducible degradation of MTBE (5 to 7 days) was observed in duplicate oxic microcosms with CO or PO textile samples (Fig. 2) . Relatively faster responses in CO microcosms were observed, whereas in PO microcosms, the MTBE biodegradation showed a short lag phase or adaptation period of around 2 days. TBA and TBF were detected temporally and further consumed in all the microcosms but reached higher levels in CO bottles (up to 74 and 2 mg/liter, respectively). However, MTBE degradation rates were comparable when expressed according to dry weights of textiles (90 and 130 Ϯ 10 mol MTBE/day/g [dry weight] for the experiments with CO and PO textiles, respectively). The same pH decline from 7.5 (as the one measured in both ponds [20] ) to 6.6, along with MTBE degradation, in all four microcosms was observed.
Slight differences in the total consumption of oxygen between the two textiles were observed (see Fig. S4 in the supplemental material), which showed average molar ratios differing in one unit (4.2 and 5.3 for CO and PO experiments, respectively) by dividing the slopes of cumulative consumed O 2 and degraded MTBE (all with R 2 values of Ͼ0.9). However, both values were still far from the 7.5 mol of oxygen required for total mineralization of MTBE and close to the range (3.3 to 4.7 mol) previously found for MTBE degraders growing on MTBE (strains PM1 and L108) (42) .
Analogous MTBE isotopic enrichment factors in all the microcosms were obtained in duplicate for each textile, as well as for CO versus PO experiments (see the individual values in Table 2 and Fig. 3a for the carbon isotope analysis). Low carbon fractionation was observed after 94% of MTBE degradation, resulting in a mean ε C of Ϫ0.37‰ Ϯ 0.05‰ (R 2 ϭ 0.94) when plotted together with all the data points obtained in the four microcosms (Fig. 3b) . No significant 2 H enrichment occurred in any microcosm (not exceeding total analytical uncertainty of 5‰ or associated 95% CI); therefore, the related ⌳ value could not be determined. These values were similar to the ones observed for A. tertiaricarbonis L108 or R. ruber IFP 2001, with ε C values below Ϫ0.5‰ and no detectable hydrogen fractionation (41, 42) .
In all sterile controls (with and without textiles), MTBE 
No. of data points
No. of data points 
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concentrations remained constant (relative standard deviation of up to 5%) along the whole incubation time, as did the isotopic signatures (bottle without textile, ␦ 13 C of Ϫ30.4‰ Ϯ 0.3‰ and ␦ 2 H of Ϫ114‰ Ϯ 3‰), showing that no other abiotic processes affected MTBE in the microcosms.
Volatilization isotope enrichment factors. Dissolved MTBE concentrations in the two batch experiments decreased exponentially (R 2 ϭ 0.98 to 0.99), covering a total range of 4 orders of magnitude. A small but significant inverse carbon fractionation in the water phase (⌬␦ 13 C ϭ Ϫ1.1 Ϯ 0.3) was observed, corresponding to a mean ε C value of ϩ0.11‰ Ϯ 0.03‰, according to equation 2 when using all obtained data points ( Table 2 and Fig. 3b ). In contrast, consistent 2 H enrichment in the MTBE fraction in the water phase (⌬␦ 2 H ϭ 49 Ϯ 5) during MTBE volatilization was observed, with an average ε H value of Ϫ5‰ Ϯ 1‰. In both cases, the data fit the Rayleigh-type linear fractionation model with R 2 values of 0.82 and 0.93, respectively. This led to a negative slope (⌳ ϭ Ϫ27 Ϯ 4; R 2 ϭ 0.8) when plotting ⌬␦ 2 H versus ⌬␦ 13 C (equation 3). MTBE isotope fractionation in the pond system. Several water samples obtained for MTBE isotopic measurements were taken after more than 1 year of pond operation, covering the three aeration periods (Fig. 4) . ␦ 13 C values obtained by two different methodologies (HS versus P&T) were standardized by MTBE aqueous standard injections in order to correct isotopic fractionations caused by the extraction techniques (58) . Due to low MTBE concentrations and the available instrumentation (only HS; no P&T system connected to the hydrogen system), ␦ 2 H values for the outflows could not be determined. Although the ␦ 13 C of the inflow could be considered constant (Ϫ29.3‰ Ϯ 0.4‰), a slight tendency to become enriched was observed along the time period (R 2 ϭ 0.7). However, no sig- FIG. 3 . MTBE carbon fractionation represented, according to a double-logarithmic plot (isotopic composition versus residual concentration), during aerobic degradation in replicate microcosm experiments with biofilms collected on CO and PO (a) and the total enrichment (designed as biodegradation) compared to that obtained in volatilization experiments (b). Solid lines correspond to a linear regression model, and dashed lines correspond to their associated 95% confidential intervals (CI). Related propagated error bars are provided (see Table 2 for more details). on October 15, 2017 by guest http://aem.asm.org/ nificant fractionation was detected when comparing ␦ 13 C values of both outflows versus those of the inflow at any of the aeration periods. As shown in Fig. 4a , the difference of ␦ 13 C rarely exceeded the total analytical uncertainty Ϯ 0.5‰ (47) and never left the typical range of ␦ 13 C values for MTBE in gasoline (Ϫ28.3‰ to Ϫ31.6‰) (22, 48) .
Expression of catabolic genes and detection of strain PM1. In order to link the isotope fractionation factors obtained in the microcosm experiments with specific microbial activity, previously designed primer sets (Table 1) for the detection of catabolic genes encoding key enzymes involved in aerobic MTBE degradation were used. The results are summarized in Table 3 . DNA or RNA (as specified above) from pure reference cultures was used as a control for each primer set, and the expected results were obtained. The ethB gene encoding a cytochrome P450 monooxygenase was detected in R. ruber IFP 2001 and A. tertiaricarbonis L108, whereas the corresponding putative regulator gene ethR was found only in R. ruber IFP 2001, confirming the results from previous studies (7, 8) . Although the primer for mdpA was not specifically designed for its detection in other species (44), the positive results obtained for M. petroleiphilum PM1 and for Methylibium sp. strain R8, a closely related MTBE-degrading strain available in our laboratory (99.3% identity to corresponding 16S rRNA gene sequence of strain PM1 and very similar fractionation pattern [41] ) indicated its appropriate functioning for tracking the presence of the MdpA enzyme in related bacterial species.
In all textile samples (CO and PO) from the microcosms as well as from the pond system, the ethB gene but not the regulator (ethR) was expressed. Up to now, this pattern has been observed only for A. tertiaricarbonis L108 (7). After sequencing of the obtained PCR products, the closest matches found in the National Center for Biotechnology Information (NCBI) database were, in all cases, ethB genes previously obtained from the genus Rhodococcus, such as the ethB sequence of R. ruber IFP 2001, which was also detected in other ETBE degraders, such as R. ruber IFP 2007 (a constitutive strain derived from strain IFP 2001 [16] ), Rhodococcus zopfii IFP 2005 (5, 29), and Rhodococcus sp. strain PEG604 (21) . However, a high identity (99 to 100%) was also obtained when comparing directly to the A. tertiaricarbonis L108 ethB sequence (98% identical to that of R. ruber IFP 2001). This is not surprising, considering that this strain was previously isolated from the Leuna, Germany, site (40) . Importantly, the ethB sequences found so far form a cluster distinct from other oxygenases and are in all cases related to fuel oxygenates' degradation capacity (29) .
Unexpectedly, 16S rRNA gene sequences similar to that of M. petroleiphilum PM1 were detected in all the textile samples (from the microcosms and the pond system) using the previously described specific primer set 613F/988R (17) . DNA extracted from M. petroleiphilum PM1 and Methylibium sp. strain R8 was used as a positive control. In all cases, a PCR product with the expected size (375 bp) was obtained. However, in most of the samples, the sequencing of the purified PCR products failed apparently due to a mixture of target sequences. This was not the first time that problems of nonspecificity in the application of these primer sets to complex MTBE cultures were observed (2). When sequencing was successful (both PO samples from the microcosms) (Table 3) , the obtained sequence was identical to that of M. petroleiphilum PM1 (100% similarity). 
DISCUSSION
In this study, MTBE removal processes in an aerated treatment pond for groundwater remediation were identified by a combination of stable isotope and molecular biological techniques. The removal of MTBE and the formation of potential degradation products were measured in situ while applying different oxygen concentrations as well as in oxic microcosm experiments, with biofilms attached to textile mats sampled in the two parallel ponds.
In contrast to the specific aromatic hydrocarbon metabolites (15), the mere presence of TBA, the main MTBE degradation product, cannot be associated with any particular degradation mechanism or redox condition, as TBA has been detected as a metabolite or end product during MTBE biodegradation under both oxic and anoxic conditions. TBA is also used as a gasoline additive itself or can even originate from other sources (45) . On the other hand, TBF was not always detected as an intermediate, with all strains able to degrade MTBE (28) . The presence of TBF is evidence that the MTBE degradation pathway is taking place through dehydrogenation rather than by dismutation of the unstable tert-butoxy methanol. However, TBA and TBF can be biodegraded at the same time as MTBE, as observed in our microcosm experiments as well as in numerous studies of the same degrader (with the same or different enzymes used to degrade MTBE) or of other species in mixed cultures (28) , and therefore, do not necessarily accumulate in the groundwater. In fact, TBF concentrations were not expected to increase significantly in the ponds, as only 18 g/liter would be produced at the highest MTBE degradation periods, according to the microcosms, and it can hydrolyze to TBA under a wide range of pHs and temperatures (9) .
From a physicochemical point of view, TBA is much less volatile and water miscible in contrast to MTBE (39) , so it is less likely to be lost by volatilization. However, its air-water transfer velocity is extremely dependent on temperature, while MTBE is much less influenced (1). This behavior might explain partly why the removal of TBA was temperature dependent (whereas MTBE was not apparently affected) in the ponds during period A1 (see Fig. S3 in the supplemental material). However, if the TBA removal level were due only to volatilization, it should have decreased when the temperature dropped again in the CO-amended pond during high-aeration period A3, but this was not the case. Therefore, this could be an indication of biodegradation, which might still be possible under such cold conditions. Several aerobic MTBE/TBA degraders have shown growth on MTBE in a wide range of temperatures, for example, a cold-adapted mixed culture containing Variovorax paradoxus strain CL-8 (growth range, 3 to 30°C; optimum, 18 to 22°C) (56) or A. tertiaricarbonis L108 (growth range, 4 to 40°C), which had a growth rate of about 15% of its maximum (optimum, 30°C) at 5°C and could even degrade MTBE below this temperature (38) . Similar higher MTBE removals in the two aerated treatment ponds due to the increase of oxygen dissolved in the water (period A2) were obtained. However, in general, the CO textile-equipped pond had a faster response for MTBE removal than the pond equipped with PO textiles, and this could not be directly linked to the stripping/volatilization process, which was equal in both ponds. This same trend was also observed in the microcosm studies performed with the two different textile samples, but no significant differences were found for (i) the total pH decline (probably due to the same formation of CO 2 and/or acidic intermediates [3] , (ii) oxygen consumption values (indicative of carbon assimilation/biomass formation in both biofilms), (iii) carbon and hydrogen isotope fractionation, or (iv) the expression of ethB genes, which could be detected with both textiles under laboratory and field conditions. Therefore, we might speculate that this behavior is related more to the nature of the material than to the microbial community of MTBE degraders. It is possible that in the less dense CO textile material, the microorganisms of the biofilms might be in closer contact with the bypassing water than the denser PO, in which the attached microorganisms seem to be located deeper inside the textile fleece. In any case, both microcosm experiments showed a great improvement in MTBE biodegradation potential due to aeration of the system compared to that shown in previous microcosm studies at the A1 period (August 2008), with equivalent amounts of textile showing slower degradation of MTBE in CO microcosms (Ͼ20 days) and no biodegradation in PO microcosms after 100 days of incubation (20) . In fact, estimated maximum MTBE degradation rates of 82 and 115 g MTBE/day in the CO-and PO-equipped ponds, respectively, were extrapolated from the results obtained from the microcosm experiments, considering (i) the average dry weight of the textile samples in the microcosms, (ii) the original density of each material, and (iii) the surface area of the textile used in the treatment ponds (see characteristics elsewhere [20] ). However, in the field, the maximum observed MTBE removal rates during the A2 period were only 10 times less effective than the maximal rates predicted above. Possible reasons for this may include the following: (i) competition for oxygen and nutrients by organisms that are degrading other organic matter and pollutants like benzene and ammonium could affect degradation rates by limiting oxygen availability for MTBE degraders; (ii) the hydraulic retention time of 6.3 days may not be enough time to allow for complete biodegradation; and (iii) the lower MTBE concentrations in the water could, at a certain point, not be sufficient enough to enable productive microbial degradation, as calculated threshold concentrations allowing growth on this compound as the sole source of carbon and energy are significantly higher than the MTBE concentrations observed in the ponds (37) .
In addition, no significant MTBE isotope fractionation could be detected in any of the ponds during the whole study period. Taking into account the low and divergent carbon enrichment factors obtained for volatilization and biodegradation in the laboratory experiments performed (Fig. 3b) , the isotope values observed in the field are likely to be a combination of these two processes. As expected, the predominant process taking place when purging a MTBE aqueous solution is the advective volatilization of the compound, which would produce a 13 C depletion in the water phase, leading to an inverse isotope fractionation rather than the passive diffusion which would produce an enrichment (ε C ϭ Ϫ1.0‰) (25) . In our volatilization experiments, probably due to the absence of sediments and a broader range of concentrations, the inverse carbon isotope effect predicted for water-air equilibrium was detectable, in contrast to previous air sparging experiments through sand columns (ε C ϭ ϳ0‰ Ϯ 0.1‰) (25) , whereas a small normal hydrogen isotope effect with a constant hydrogen fractionation for the whole studied range of concentrations was observed. The normal hydrogen isotope effect of MTBE in the liquid reflects the preferential binding of water to deuterium ( 2 H-MTBE) (25) . A theoretical concept was developed by applying the Van Breukelen equation (equation 4) in order to calculate which percentage of total MTBE removal in the field would produce a significant difference of ␦ 13 C (Ϯ1‰) for increasing contributions of biodegradation (percent F) versus volatilization. For example, a minimum of 93% of MTBE total removal would be necessary to distinguish an MTBE 13 C isotope enrichment due to a 100% contribution of biodegradation, and this value would increase to 99.97% for a 50:50 combination and to almost 99.99% if only an inverse isotopic effect were observed (percent F ϭ 0). This range was represented as a shaded area in Fig. 4b . Only the CO samples during the A2 and A3 periods reached high enough MTBE reductions (95 to 96.5%), but significant fractionation was not observed, which therefore means that biodegradation could not be the only removal process occurring.
Although ␦ 2 H could not be measured in the outflow pond samples, the low hydrogen fractionation exhibited by the two competing processes (not significant for the biodegradation detected in the microcosms and at Ϫ5‰ for the volatilization) would not have improved the interpretation of the results. In contrast, if higher-fractionating aerobic bacteria such as Methylibium sp. strains PM1 and R8 or Pseudonocardia tetrahydrofuranoxydans K1 were dominating the MTBE degradation, lower removal percentages would be necessary to confirm biodegradation and to distinguish biodegradation processes from volatilization.
Curiously, even when the presence of organisms closely related to M. petroleiphilum PM1 in some of the samples was proven using 16S rRNA gene-specific primers, its direct participation in the initial MTBE-attacking step could not be demonstrated. First of all, the low enrichment factors observed in the microcosms make very unlikely that higher-fractionating species (or related enzymes) such as M. petroleiphilum PM1 or even potential anaerobes inside the biofilms (see reference 50) contribute significantly to MTBE biodegradation. In fact, if dissolved oxygen concentrations inside the biofilm were lower than those in the surrounding solution, the higher oxygen affinity of the L108-like enzyme would reduce the total observed MTBE fractionation in a mixed culture, as observed previously (42) . On the basis of isotopic results (by applying equation 4 and carbon enrichment factors obtained for strains PM1 and L108 under oxic conditions in the abovementioned study), only 1% of a PM1-like contribution might be possible. Second, the expression of mdpA genes was not observed in any textile sample, suggesting that no active involvement of the AH1-like monooxygenase is responsible for MTBE degradation in M. petroleiphilum PM1. Therefore, the specific roles of the M. petroleiphilum PM1 relatives in the treatment system remain unclear. Their involvement in further degradation of MTBE metabolites or even the possibility that the ethB gene has been horizontally transferred to them from another organism cannot be ruled out. The fact that the eth locus is inserted in a different genomic context for three different ETBE-utilizing strains suggests that it may be transferred horizontally between different species and inserted at different sites in the genome (5).
Indeed, independent of which organism or organisms are degrading MTBE, the key finding of this study is that the expression of a specific catabolic gene such as ethB provides direct evidence for in situ MTBE biodegradation activity in the remediation treatment system. The MTBE biodegradation occurring in the textile biofilms and the observed low MTBE stable isotope fractionation were linked to the expression of this gene.
In conclusion, our work has shown that when low-fractionating enzymes are catalyzing the dominant MTBE biodegradation pathway and volatilization effects are not negligible, the application of CSIA in field investigations to detect biodegradation may lead to false-negative results and should be supplemented by microcosm experiments. For a reliable characterization of MTBE degradation, CSIA should be applied in combination with molecular methods for examining the expression of specific catabolic genes, which constitute direct evidence for the activity of MTBE degraders under in situ conditions in comparison to the mere presence of such organisms.
